The identification of nitrate-nitrogen (NO 3 -N) origin is important in the control of surface and ground water quality. These are the main sources of available drinking water. Stable isotopes ( 15 N and 18 O) for NO 3 -N and along with a 1-D reactive transport model were used to study the origin and processes that lead to nitrogen transformation and loss in a major stream that flows into a reservoir within an intensively cultivated catchment area (352 km 18 O values in surface water samples from the stream and wells indicated that the dominant NO 3 -N sources were derived mainly from the soil and fertilizers. There was also significant nitrification in surface water at the head of the stream. Sediment pore waters showed high NO 3 -N values near the sediment-water interface (reaching 25 mg·N·L −1 ) and NO 3 -N concentrations sharply decreasing with sediment depth, suggesting significant NO 3 -N consumption. Denitrification was also detected using the 15 N signature in upstream waters, but not downstream where very low NO 3 -N levels were measured. In the stream, the calculated isotopic enrichment factor for NO 3 -N was −2.9‰ for 15 N and −1.78 for 18 O, this indicates that denitrification accounts for 7.8% to 48% of nitrate removal.
Introduction
Recent studies suggest that the nitrogen (N) cycle is the most rapidly changing biogeochemical element and that the excessive use of reactive N in the environment is the third most important problem globally, after biodiversity loss and climate change [1, 2] . One of the challenges concerning excess reactive N in the environment is a lack of understanding regarding the catchment scale of N removal, including the nutrient dynamics and their implications within different terrestrial and aquatic ecosystems [3] [4] [5] [6] . An excess of reactive N in different environments can negatively impact water quality and cause an increase in the transfer of greenhouse gases to the atmosphere [7] . Streams impacted by agriculture may receive high levels of reactive N (i.e., nitrate, ammonium, organic nitrogen) from the land. Fundamentally, when moist agricultural soils are fertilized, rapid increases in N cycling may
Methodology

Study Area
A mesoscale catchment area, the Roxo, in Southern Portugal (37 • 46 44 N to 38 • 02 39 N latitude and 7 • 5 47 E to 8 • 12 24 E longitude, Figure 1 ) was selected due to the intensive agricultural cultivation practices in the area. The Roxo catchment area is 352 km 2 and located in the Beja Province of the Alentejo region. A network of shallow streams that cross most of the agricultural area characterizes it. The Chaminé stream as a main stream was selected. It has a generally low flow volume (average 0.3 m 3 ·s −1 ± 0.02) and with seasonally intermittent high flows occurring during autumn or winter. Annual rainfall during the study period from 2008 to 2009 was 547 mm, with the majority of the rainfall occurring between November and March. Mean annual temperatures were around 22 • C. Soil categories, according to the FAO-UNESCO system, are characterized as Luvisols, Litosols, Planosols and Vertisols, with Luvisols being the main soil class present in the area [25, 26] . Hydro-geological studies in the northern part of the catchment boundaries indicated that a productive aquifer of the upper Roxo catchment is located in the Beja-Acebuches and Beja Gabbro geotectonic complexes. These geological formations represent mainly gabbro-dioritic rocks. This characteristic bedrock varies locally and can reach 30 m in thickness. This creates an unconfined aquifer with a shallow water table of 2 m approximately in the north with NO 3 -N concentrations reaching 6.5 mg·N/L [27] . Near to the reservoir the water table is close to 6 m. The topography varies from nearly flat to a gently sloping terrain with elevations ranging from 123 m at the catchment reservoir outlet, to 280 m.a.s.l. near Beja city, over approximately 15 km distance. Water in the catchment area drains into the Roxo reservoir (max. volume approx. 10 8 m 3 ), an artificial impoundment built in the early 1960s and used for municipal water supply to Beja city (approx. 161,000 inhabitants), and also to the local mining industry and irrigation water supply to several irrigation perimeters [28] . The residual municipal waters from Beja city are channelled into a wastewater treatment plant (WWTP), before the residual effluent waters are released into the Chaminé-Pisoes streams in the upper part of the catchment. This yields an additional and relatively constant nitrogen input and loading on the upper catchment streams. Water quality in the catchment is affected by agriculture (80% of the catchment), with major crops such as winter wheat, maize, sunflower, cork and olives (Table 1 , extracted from [29] ). Table 1 . Land use, cover, and crop management information in the upper Roxo catchment area [29] .
Land Use
Crop Information Fertilization in the catchment is mainly maize from June to August, September, reaching 400 kg·ha −1 winter wheat reaching 300 kg·ha −1 at the beginning of the plantation every October, and alfalfa planted in June reaching 200 kg·ha −1 . Winter wheat is an intensive agricultural crop, generally requiring around 200 kg·N·ha −1 of Nitro 27% fertilizer, whereas the recommended Nitrogen fertilization for maize is 300 kg N·ha −1 of NPK [27, 30] . The major fertilizer application in the catchment area occurs in June.
In the South of the catchment area 28% of the land is made up of Eucalyptus and Pine forest plantations, and some other areas have natural vegetation (Figure 1 ). High NO 3 -N levels are observed in the drainage system, especially in the shallow aquifer of the Roxo catchment [31] . Further activities, such as pig, cattle and sheep farming also take place within the catchment area. Figure 1 shows a map of the major and perennial stream, indicating sampling point positions. Samples were collected midstream from 8 stream sites (A1 to A8 from upstream to downstream in the main Chaminé stream, along 15 km), and from 10 shallow wells with water table levels between 2 and 5 m. The discrete water sampling campaigns were conducted during dry and wet periods referred to summer (from 19th to 29th October 2008 and from 3th to 15th September 2009) and winter (from 1st to 7th November 2008, 15th to 26th March 2009), respectively. Three replicate 15 mL water samples were collected from each monitoring sampling point for nutrients (NO 3 -N, NH 4 -N) and 100 mL water samples for stable isotopes ( 15 N and 18 O), using a peristaltic water pump, connected to a water collector and filtered in the field with 0.45 µm filters. Water samples for nutrients and stable isotopes were collected in non-reactive plastic bottles with double seal caps and stored on dry ice to keep frozen for transport back to the laboratory. Analysis took place immediately after every sampling trip. O 2 , Temperature ( • C) and Electrical conductivity (EC) were measured in the field with a hand-held Hanna multi-parameter instrument.
Water Sampling
Sediment pore water was sampled at three sites of the Chaminé stream ( Figure 1 ). Sediment porewater profiles were sampled with minimum disturbance by inserting a rhizon sampler syringe [32] into drill holes in a 52 cm long core located at the bottom of the stream pools (P1, P2 and P3), near to sites A3, A4 and A6. The holes were slightly bigger than 4 mm diameter size to allow fixing the Rhizon samplers through the drill holes. The holes were sealed with duct tape prior and during the sediment collection. After the collection, a needle was used to pierce the tape and introduce each Rhizon sampler. Subsequently, ten Rhizon samplers were inserted horizontally into the core at depths of 0, 0.5, 1, 2, 3, 5, 7, 10, 25 and 30 cm below the sediment-water interface. Samples were stored directly in 10 mL glass vials without contact with the atmosphere.
Cations and anions concentrations were analysed by inductively coupled plasma-optical emission spectrometry (Varian Liberty AX sequential ICP-AES and a Varian SpectrAA Atomic Absorption Spectrometer (AAS) (Varian Inc., Palo Alto, CA, USA), at Faculty of Geo-information Science and Earth Observation, ITC/University of Twente, Enschede, The Netherlands. Water samples collected for isotopic composition ( 15 N and 18 O) were analysed using the bacterial denitrification method [33] and determined by isotope ratio mass spectrometry on a Sercon 20-20 IRMS with Syscon Electronics (Sercon Ltda, Cheshire, UK) in the certified ISOFYS Environmental Isotope laboratory of Ghent University (Belgium).
Stable Isotope Calculations
The isotopic results are expressed using the delta notation (i.e., the difference in parts per thousand between the less abundant isotopic ratio and the most abundant isotopic ratio, relative to the same ratio in a reference standard (Vienna Standard Mean Ocean Water for 18 O and an open atmosphere air standard for 15 N), and defined by:
where R sample and R air and R smow are the isotopic ratios ( 15 N/ 14 N or 18 O/ 16 O) for the sample and for the reference standard of 15 N and 18 O, respectively. Partitioning of isotopes between two compounds containing the same element with different isotopic ratio is called isotope fractionation [18] and can be defined through the kinetic fractionation factor as follow:
where α represent the kinetic fractionation factor between the product (p) and the substract (s), R p and R r are heavy to light isotope ratios ( 15 N/ 14 N) in the product (residual nitrate) and reactant (or substrate), respectively [16] . Biologically mediated denitrification enriches the residual in both enrichment associated with nitrate removal is quantified through an enrichment factor. The kinetic fractionation factor is typically described in terms of an enrichment factor (ε) as follows:
where δ p and δ r are delta values of the product and reactant, respectively. The enrichment factor is negative for most of the nitrogen transformation processes, and in the case of denitrification it has been defined with a range from −40‰ to −3.5‰, which reveals a variety of environmental and experimental conditions [34] [35] [36] . The enrichment factor can be estimated from the evolution of the isotopic composition of the residual reactant [18] defined as:
where ∂ r is the 15 18 O on ln(NO 3 -N). Finally, the ∂ r values are transformed to percentages (%) to obtain the degree of denitrification for each sampling point [37] . To calculate the degree of denitrification from our data, the initial isotopic composition (∂ r0 ) was chosen to be the lowest 15 N value during the samplings.
Reactive Transport Model
A simple reactive transport model was developed to reproduce the sampling data from 2008 to 2009. We assess the dynamics of dissolved inorganic nitrogen (i.e., NO 3 -N and NH 4 -N) in the surface water, through a 1-D reactive transport model for the main stream (Chaminé) of the Roxo catchment area (approx. length 15 km). The one dimensional reactive transport model was developed in the open source software R [38] . The R package ReacTran [39] allows the use of the volumetric advective-diffusive transport function and the reaction-advection equation for a substance given as [40] :
where t is time, and x is the distance along the stream axis, the first term represents transport by the stream flow (advection) and the second term represents (turbulent) dispersion. An assumption is made that the cross-sectional area (A x ) is constant in time [41] , but it varies along the stream axis (x). The chemical state variables in the reactive advection dispersion model C were described in terms of concentration (mg·N·L −1 ). REAC i are the main reactions, comprising nitrification and denitrification modeled where:
REAC NO3 = Nitrification − Denitrification, and REAC NH3 = −Nitrification (6) boundary conditions for nitrate and ammonium were derived from stream campaigns; upstream and downstream [42] . Nitrification and denitrification rates were taken from the literature. The upstream boundary conditions were specified as follows: the upstream ammonium concentration was taken as 1.1 times the maximal measured nitrate concentration along the stream, while the upstream nitrate concentration was set to be 0. Stream flow was measured in the sampling sites when the water level was sufficient for measurements to be taken. Furthermore, data on the daily streamflow were obtained using precipitation, evapotranspiration, and reservoir storage volume and water use databases, using an inverted reservoir water balance approach. This procedure is based on the estimation of the reservoir inflow, taken from the variation over time of the storage volume of the reservoir and the total outflow from the reservoir [43] . The required rainfall data from 2008 to 2009 was obtained from automatic weather stations located close to the Beja and Aljustrel ( Figure 2 ). Water depth was generally very low (0.1 to 0.5 m) in the streams, and was measured during the fieldwork campaigns. The model was
implemented in the open source software R using R-package ReacTran [39] . It was solved assuming that the concentrations had reached steady-state [39] . Table 2 Table 2 ). The highest NO 3 -N concentrations were registered in the second (A2) and third (A3) stations after which they decreased through the Chaminé stream towards the downstream (Figure 3b) , where nitrate values were close the detection limit (<0.1 mg·N·L −1 ). NO 3 -N concentrations in shallow groundwater (wells) were generally higher than in streams, ranging from 0.1 to 25.5 mg·N·L −1 . The advection-reaction model was effective at capturing these trends (Figure 3) . The model estimates the nitrate dynamic along the stream (distance 15 km) from upstream (A4) to downstream (A25), and provides satisfactory estimates for the first-order nitrification and denitrification rates, as 15 kg·day −1 and 1 kg·day −1 respectively (Figure 3c,d) . Table 2 ). The highest NO3-N concentrations were registered in the second (A2) and third (A3) stations after which they decreased through the Chaminé stream towards the downstream (Figure 3b) , where nitrate values were close the detection limit (<0.1 mg•N•L −1 ). NO3-N concentrations in shallow groundwater (wells) were generally higher than in streams, ranging from 0.1 to 25.5 mg•N•L −1 . The advection-reaction model was effective at capturing these trends (Figure 3) . The model estimates the nitrate dynamic along the stream (distance 15 km) from upstream (A4) to downstream (A25), and provides satisfactory estimates for the first-order nitrification and denitrification rates, as 15 kg•day −1 and 1 kg•day −1 respectively (Figure 3c,d) . The relationship between ln(NO3-N) and 15 N values followed the Rayleigh curve, with a negative enrichment factor (ε = −2.9‰ for 15 N and ε = −1.5‰ for 18 O) expressed by the regression analysis shown in Figure 5 . According to the Rayleigh equation, denitrification contributions ranged from 7.8‰ to 49‰, both maximum and minimum values were recorded during the wet period (March 2009), with a total average of 16‰ ± 5‰ (Table 2 ). In the case of shallow groundwater from wells, dual isotope analysis for wells showed that 15 N and 18 O values ranged from +0.64‰ to +20.56‰, and −0.20‰ to 15.06‰, respectively ( Table 2 ). Many of these values are close to zero, reflecting nitrate from reduced N fertilizers and from soil organic nitrogen. Figure 6 showed that most of the NO3-N/Cl − ratios with Cl − concentrations do not correspond to the ranges for sewage and manure. The relationship between ln(NO 3 -N) and 15 N values followed the Rayleigh curve, with a negative enrichment factor (ε = −2.9‰ for 15 N and ε = −1.5‰ for 18 O) expressed by the regression analysis shown in Figure 5 . According to the Rayleigh equation, denitrification contributions ranged from 7.8‰ to 49‰, both maximum and minimum values were recorded during the wet period (March 2009), with a total average of 16‰ ± 5‰ (Table 2 ). In the case of shallow groundwater from wells, dual isotope analysis for wells showed that 15 N and 18 O values ranged from +0.64‰ to +20.56‰, and −0.20‰ to 15.06‰, respectively ( Table 2 ). Many of these values are close to zero, reflecting nitrate from reduced N fertilizers and from soil organic nitrogen. Figure 6 showed that most of the NO 3 -N/Cl − ratios with Cl − concentrations do not correspond to the ranges for sewage and manure. 
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NO 3 -N Distribution in the Pore Waters
Pore water nitrate measurements from core sediments were obtained from three pools with rhizon samplers (Figure 7) . The first pool (P1), located near the A3 sampling point, presented high nitrate values near the sediment-water interface (reaching 15 mg·N·L −1 ), and a sharp decrease in nitrate with depth, where high levels of organic matter (around 20%) are characteristic of the area It suggested significant nitrate consumption in the sediment. In the second and third pool (P2 and P3), lower nitrate values (0.90 ± 0.37 mg·N·L −1 ) were found in the first centimeters with little or no decrease with sediment depth, indicating that denitrification in the sediment was probably limited by nitrate. During winter sampling mean T • C, EC, and pH in the shallow wells corresponded to 15.8 ± 1.5 • C, 850 ± 113 µS·cm −1 and 7.9 ± 0.39. This was lower than in summer, with averages of 22.7 ± 1.99 • C, 1290 ± 896 µS·cm −1 and 9.23 ± 0.73, which reflects a longer residence time in summer than in winter. Dissolved oxygen content fluctuated widely, ranging between 2.18 and 10.4 mg·L −1 in winter and between 4.5 and 8.3 mg·L −1 in summer ( Table 2) . 
NO3-N Distribution in the Pore Waters
Pore water nitrate measurements from core sediments were obtained from three pools with rhizon samplers (Figure 7 
Discussion
We studied the nitrogen sources and transformations in the upper 15 kilometres of Chaminé stream, flowing through an area of intensive agricultural activity, based on concentration, stable isotopic composition data and reactive transport modelling. The modelling was included to assess the consistency of the observed data and to evaluate the impact of along-stream transport compared to biogeochemical transformations, while the stable isotopes were used to identify origin and main processes in the stream water.
The mean cross-sectional area fluctuates from around 1-3 m 2 in the first 11 kilometres, after which the stream rapidly broadens to 16 m 2 wide at 15 km distance, the total volume of this stretch is 257,000 m 3 , of which less than 20% is in the first 10 km. The mean discharge is 0.3 m 3 /s and flow velocities vary between 0.19 and 30 cm/s. It takes approximately 17 h for water to travel the first 10 km, and almost 10 days to reach the 15 km point.
Inorganic N in Surface Waters
Records show the occurrence of very high ammonium values at the first sampling point, due to a considerable ammonium input from waste waters originating from the treatment plant outfall, which is located ~500 m upstream from the sampling point. Subsequently, ammonium levels sharply decrease downstream, while nitrate concentrations increased. The high ammonium concentrations observed at the first sampling point and rapid decrease in concentration throughout in the first few kilometres was clearly recorded with a simple advection-reaction model, the ammonium 
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Inorganic N in Surface Waters
Records show the occurrence of very high ammonium values at the first sampling point, due to a considerable ammonium input from waste waters originating from the treatment plant outfall, which is located~500 m upstream from the sampling point. Subsequently, ammonium levels sharply decrease downstream, while nitrate concentrations increased. The high ammonium concentrations observed at the first sampling point and rapid decrease in concentration throughout in the first few kilometres was clearly recorded with a simple advection-reaction model, the ammonium concentration was set at the upstream boundary as equal to 1.1 times the maximal observed nitrate concentration (5-15 mg·L −1 ). This consistency between the nitrate peak and ammonium drop showed that ammonium was rapidly consumed and converted into nitrate due to nitrification occurring in the stream. The data from all sampling excursions were consistent with the model, assuming a high first-order consumption rate of ammonium of 25 kg·day −1 , which is in agreement with the range of nitrification rates often used in sediment biogeochemical models [44] . For every mole of ammonium converted to nitrate, two moles of oxygen are consumed, so the drop of 5 to 15 mg·L −1 ammonium in the first few kilometres of the stream is accompanied by an oxygen consumption of about 25-75 mg·L −1 . Based on the modelled nitrification rates, an oxygen consumption rate of 350-2000 mg O 2 /L/day is estimated for the first kilometre, with oxygen concentrations in the order of 3 mg·L −1 , which is an exceptionally high rate. Remarkably, the high oxygen consumption rates due to nitrification were not reflected in the oxygen concentrations, which sharply increased between the first two sampling points. This indicates that re-aeration was much stronger than the oxygen consumption during nitrification (Figure 3) . A simple extension of the advection-reaction model, where the reaeration flux was modelled as a function of the deviation of the oxygen concentration from saturation, showed that very high aeration rates (~100 day −1 ) are necessary to trigger an increase in oxygen concentrations in this part of the stream (results not shown). Downstream from the site of nitrification, the ammonium concentrations remained very low. Overall it was estimated that 90 to 390 kg of NH 4 -N enters the stream per day, all of which is converted to nitrate in the upper 2 kilometers.
Excluding the upstream sampling point, NO 3 -N was the major ion compared to NH 4 -N in the shallow stream. Concentrations sharply increased from low values to values well over 15 mg·L −1 , after which the concentration decreased in a downstream direction until it almost zero downstream. The fact that this decline was accompanied by a consistent increase in the 15 N isotope abundance in the pool NO 3 -N identifies that nitrate loss is due to denitrification to nitrogen gas, rather than from dilution [7, 35, 37, 45] . In the model, the decline of nitrate was reproduced with a first-order nitrate consumption rate of 1 kg day −1 , again comparable to parameters often used in sediment models (e.g., 0.2-3.5 kg·day −1 ) [46] . This smears the zone of denitrification over a stretch from 2 km up to about 13 km downstream, after which the nitrate was almost entirely diminished. Note that total denitrification increases significantly and nitrate concentrations drop more prominently around 11 km from upstream. At this point the stream widens and residence time increases, hence a more pronounced imprint of denitrification on nitrate. Similar to the nitrification rates, it was estimated that 90 to 390 kg of NO 3 -N are removed per day in the stream.
On the other hand, the studied area is mostly flat to undulating, and no major reliefs and hills are present in the area. The intermittent or ephemeral tributaries do have a potential influence and can contribute to mass fluxes during winter when the rainfall events mostly occur. The estimated mass flux between October and November 2008 was between 9.62 and 23.38 kg·NO 3 ·day −1 . The highest values were found in March 2009 with 85.2 kg·NO 3 ·day −1 . It can be expected that significant contributions from tributaries draining the catchment will occur, and this aspect could be subject of further research in order to develop the model.
Nitrate Sources through Isotopic Composition in Stream Waters and Wells
Biplots of the 15 N and 18 O isotopic values NO 3 -N may provide some information to distinguish the different sources of nitrate. Results from dual isotopes of nitrate displayed a linearly plotted trend for stream water (slope of 0.44), indicating potential isotopic enrichment at a 1:1 ratio, related to denitrification. Figure 4 shows the isotopic composition of nitrate from different sources [16] , superimposed on the values measured in the streams. The seasonal values of 18 O for NO 3 -N were smaller than that of 15 N, ranging from 0.5‰ to 17.8‰ in winter and 3.5‰ to 15.6‰ in summer and autumn, with average values of 8.2‰ and 8.8‰, respectively. Mann Whitney analysis (p < 0.05) revealed significant differences between 15 N and 18 O of NO 3 -N of early fall and summer with respect to winter, indicating that seasonal variation of NO 3 -N source affected the isotopic composition. Relative to the spatial distribution, the highest 18 O for NO 3 -N value occurred in A9 (12.1‰), which is much higher than those of A4 and A7 (9.1‰ and 8.3‰, respectively). Low values occurred in the first site and close to the reservoir, probably due to the nitrification of sewage (site A4). Seasonal variability in nitrogen biogeochemistry was also observed in the stream, because the linear relationships between 18 O and 15 N in winter and summer were different from the denitrification trend line. The departure from the denitrification trend line in winter and summer might be the result of a change in sources.
The ranges of nitrogen and oxygen isotopic composition differ significantly between nitrate and ammonium fertilizers. The percentage of these nutrients in fertilizers in the study catchment area represent in total 1200 kg·km −2 ·year −1 , with a high percentage of ammonium fertilizers added to the soil between June and August [29] . This data is crucial to the support of the reported results, as the isotopic composition of nitrate suggests that nitrification in soils was the major source of stream nitrate, consistent with the modelling results. Moreover, as indicated by Figure 4 , there is a slightly sewage and manure effluents input into the stream, due to some high 15 N values and high 18 O values located downstream. Thus, while isotopic composition of nitrate from the upstream section is consistent with typical regional levels for ammonium fertilizers and soil nitrate, downstream the isotopic composition is consistent with the composition of manure septic systems and animal wastes.
Stream water 15 N values increased with the inverse of NO 3 -N concentrations, whereas 15 N decreased with the natural logarithm of NO − 3 -N levels ( Figure 5 ), probably due to a combination of mixing and fractionation associated with denitrification [8] . The nitrate may be removed by denitrification resulting in the enrichment of N and oxygen isotopic in the residual NO 3 -N. Estimates of oxygen isotope fractionation during denitrification are rare [36] . However there are some studies of oxygen and nitrogen isotope enrichment factors for microbial nitrate reduction in aquatic environments [35] [36] [37] [38] [39] [40] [41] [42] [43] [44] [45] [46] [47] . It is reported that the ratios of 15 N/ 18 O range from −1.3 to −2.1 [48] . In our case, the microbial denitrification accords with a Rayleigh process with calculated enrichment factors of ε = −2.9‰ for 15 N and ε = −1.5‰ for 18 O. It is not uncommon to find such low values in the environment [19, 49, 50] . The difference in the enrichment value is commonly attributed to different substrate, temperature, denitrification rates, organic matter and biodiversity [46] . The NO Previous studies in surface water in Roxo catchment indicated that primary productivity is relatively high in summer when high levels of nutrients are found [51] and this assimilation process may also contribute to the consumption of nitrate.
In water studies, chloride is generally used as a conservative tracer of mixing within the streams, as it is an effective indicator of sewage and dilution effects which has minimal affects from physical, chemical and biological processes [52] . Hence, the ratio of NO 3 -N/Cl − was also considered for the study of N dynamics and sources. Figure 6 shows the co-variation of NO 3 -N/Cl − ratios with Cl − concentrations in the Chaminé stream. While most of the samples do not correspond to the ranges for sewage and manure, there are some values within this range. The lower NO 3 -N/Cl − ratios in sewage and livestock waste was partly due to the fact that they contain nitrogen that has not yet been converted to nitrate [37] .
Nitrate in the Sediment Pore Waters
Generally, the decline of nitrate levels in the pore water is the results of several factors, such as dilution from additional water sources (groundwater, tributaries, etc.) or by biological processes such as denitrification and vegetation uptake [15] . The three nitrate concentration profiles in superficial sediments exhibited both horizontal and vertical spatial variability. In this study, in the first pool, pore water showed high nitrate values near the sediment-water interface (reaching 25 mg·L −1 ) and NO 3 -N sharply decreased over depth, suggesting significant nitrate consumption in the sediment (Figure 7) . Longitudinally, in the second and third pool, lower nitrate values and intensive reduction of nitrate concentrations were found, in particular, in the vicinity of low-conductivity pore water. The concurrence of reduced oxygen concentrations and high Cl − values in these pools suggest that increased residence times and associated depletion of dissolved oxygen generates conditions favourable for nitrate reduction. The streams in the Roxo catchment area are characterized by low flows and low water depths, mostly with high nitrate levels (around 10 mg·L −1 ) and DO concentrations of 7 mg·L −1 , respectively. It is well known that these characteristics facilitate major ion exchange with the water-sediment interface [50, 53] . However, a rapid decline in nitrate and decreasing DO occurred in the water pools. These values may indicate a strong redox pattern, and suggest the occurrence of aerobic microbal respiration followed by denitrification [15, 54] . Several microcosm experiments using stream water and sediments from stream pools identified that conditions of stagnant water and low water flow velocity trigger higher denitrification rates [53] . The hypothesis the diffusion of nitrate from the shallow stream water across the sediment-water interface is the limiting step in denitrification is currently accepted, producing a low isotopic signal in the stream water [50] . Measurements of denitrification rates in Roxo catchment for downstream sediments were limited by the rate of nitrate supply (3.9 ± 2.9 kg·N·ha −1 ·year −1 ) [26] . At these sites, the diffusion through the water sediment interface to the pore water is apparently an important process influencing the kinetics of denitrification occurring in the stream sediments.
Conclusions
Both the standard chemical analysis of reactive nitrogen and the stable nitrate isotope data indicated that most of the nitrogen inputs in the Roxo main stream are removed from the system and shallow waters by biogeochemical processes.
Isotopic composition of 15 N and 18 O values of surface water from the stream and wells indicated that the dominant NO 3 -N sources were derived from the soil, fertilizers, manure and domestic sewage waters. There was also significant nitrification in surface waters at the head of the stream. Pore waters showed high nitrate values near the sediment-water interface (reaching 25 mg·L −1 ) and nitrate concentrations strongly decreased with sediment depth, suggesting significant nitrate consumption. Denitrification was also detected using the 15 N signature of nitrate in the surface water from the streams but not downstream near to the reservoir, where very low nitrate levels were measured.
The combination of hydrochemical and stable isotope data analysis enables the identification of sources and spatial locations of nitrogen transformation, and the removal processes in surface water systems of the catchment, as well as deepens our knowledge in on dissolved reactive nitrogen transport in aquatic systems influenced by agriculture and other human activities in this ecosystem.
